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Abstract

We present a travel-time based reactive transport model to simulate an in-situ bioremediation experiment for
demonstrating enhanced bioreduction of uranium(VI). The model considers aquatic equilibrium chemistry of
uranium and other groundwater constituents, uranium sorption and precipitation, and the microbial reduction of
nitrate, sulfate and U(VI). Kinetic sorption/desorption of U(VI) is characterized by mass transfer between
stagnant micro-pores and mobile flow zones. The model describes the succession of terminal electron accepting
processes and the growth and decay of sulfate-reducing bacteria, concurrent with the enzymatic reduction of
aqueousU(VI) species. The effectiveU(VI) reduction rate and sorption site distributions are determined by fitting
the model simulation to an in-situ experiment at Oak Ridge, TN. Results show that (1) the presence of nitrate
inhibits U(VI) reduction at the site; (2) the fitted effective rate of in-situ U(VI) reduction is much smaller than the
values reported for laboratory experiments; (3) U(VI) sorption/desorption, which affects U(VI) bioavailability at
the site, is strongly controlled by kinetics; (4) both pH and bicarbonate concentration significantly influence the
sorption/desorption of U(VI), which therefore cannot be characterized by empirical isotherms; and (5) calcium–
uranyl–carbonate complexes significantly influence the model performance of U(VI) reduction.
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1. Introduction

In the past decade, uranium contamination of groundwater and its remediation have received
increased attention. The oxidation state of uranium strongly influences its solubility and mobility,
i.e., U(VI) complexes are much more soluble and mobile than U(IV) complexes. Under aerobic
conditions in natural waters, U(VI) exists predominantly as the uranyl ion, UO2

2+ at pH b5.0 and
forms various uranyl–carbonate species at pH N5 (Grenthe et al., 1992). In contrast, tetravalent
uranium, U(IV), precipitates as highly insoluble uraninite, UO2, in aquifers (Parks and Pohl,
1988). Thus, microbial reduction of U(VI) under anaerobic conditions provides a promising
bioremediation approach to immobilize uranium within contaminated aquifers (Lovley et al.,
1991). Laboratory experiments and field investigations have shown that Fe(III)-reducing bacteria
(FeRB) and some sulfate-reducing bacteria (SRB), among others, are capable of reducing soluble
U(VI) to insoluble U(IV), therefore immobilizing dissolved uranium in aquifers (e.g., Lovley
et al., 1991; Lovley and Phillips, 1992a,b).

Most published research reports have been focused on bioreduction of U(VI) by various
microbial cultures at laboratory scale (e.g., Lovley et al., 1991; Lovley and Phillips, 1992a,b;
Gorby and Lovley, 1992; Ganesh et al., 1997; Truex et al., 1997; Abdelouas et al., 1998;
Fredrickson et al., 2000; Fredrickson et al., 2002; Holmes et al., 2002). Kinetics have been
analyzed for defined or mixed cultures in laboratory (e.g., Liger et al., 1999; Spear et al., 1999,
2000). Under field conditions, U(VI) undergoes hydrological, geochemical, and biological
processes in complex interaction, such as sorption/desorption, advective-dispersive transport, and
microbial transformations. Uranium sorption/desorption is significantly influenced by bicarbon-
ate concentrations and pH (Waite et al., 1994; Wazne et al., 2003). At the sorption sites, uranium
competes with other ions. Since the geochemical environment may vary over the course of the
experiment, simplified approaches to model U(VI) sorption, such as the assumption of a linear
retardation factor, appear insufficient (Bain et al., 2001). For bioreduction of U(VI), nitrate, Fe
(III) and sulfate serve as competing electron acceptors which should be considered in the
simulations (e.g., Wielinga et al., 2000; North et al., 2004; Wu et al., 2005). In the presence of
significant calcium concentrations, the highly stable but poorly biodegradable calcium–uranyl–
carbonate complexes should also be included in the simulation (Bernhard et al., 1996; Kalmykov
and Choppin, 2000; Bernhard et al., 2001; Brooks et al., 2003).

Kinetics of microbial U(VI) reduction have been described by several investigators for defined
and mixed cultures. Liger et al. (1999) formulated the kinetics of surface-catalyzed U(VI)
reduction by Fe(II) on hematite. Assuming U(VI) as the sole electron acceptor, Spear et al. (1999)
proposed Michaelis–Menten kinetics to model U(VI) reduction by SRB. When considering both
U(VI) and sulfate as electron acceptors, Spear et al. (2000) described U(VI) and sulfate reduction
by first-order and zeroth-order kinetics, respectively. Liu et al. (2001) proposed reaction kinetics
for Fe(III) reduction, which is of first order with respect to the available surface site concentration
of Fe(III). Weber (2002) extended the model of Liu et al. (2001) to growth conditions and applied
it to U(VI) reduction simulations. Wu et al. (2005) indicated that the U(VI) reduction can be well
simplified as a first-order reaction at U(VI) below 50 mg/l by a denitrifying biomass. Nagpal et al.
(2000) studied the kinetics of ethanol utilization by SRB.

To describe U(VI) sorption/desorption, surface complexation models (SCMs), which assume
local equilibrium, have been developed mainly for relatively well-defined pure material phases,
e.g., Fe(III) oxides and hydroxides (Tripathi, 1984; Hsi and Langmuir, 1985; Waite et al., 1994;
Morrison et al., 1995), silicates (Kohler et al., 1996; Prikryl et al., 2001), aluminum oxides
(Prikryl et al., 1994; McKinley et al., 1995), pyrite (Wersin et al., 1994) and reference clay

130 J. Luo et al. / Journal of Contaminant Hydrology 92 (2007) 129–148



Aut
ho

r's
   

pe
rs

on
al

   
co

py

minerals (McKinley et al., 1995; Turner et al., 1996). Modelers have attempted to adapt such
surface complexation models to describe sorption to heterogeneous subsurface material either
following a principle component or component additivity approach (e.g., Barnett et al., 2002), or
preferring a semi-empirical general composite approach (Davis et al., 1998, 2004). Giammar and
Hering (2001) and Qafoku et al. (2005) investigated uranium sorption/desorption kinetics using
column studies and observed strong kinetic effects, which they expressed in terms of half-lives of
sorption/desorption ranging from hours to a week. Wang et al. (2003) studied the uncertainty of
model parameters for uranium bioremediation considering kinetics of precipitation/dissolution
described by a linear isotherm. So far, no appropriate model combining aquatic equilibrium
chemistry of uranium, bioreduction kinetics, kinetic uranium sorption/desorption using surface
complexation models and transport has yet been developed to simulate in-situ U(VI)
bioreduction. Wang and Papenguth (2001) have derived a framework that couples microbial
metabolism with redox chemistry of radionuclides. Roden and Scheibe (2005) present a con-
ceptual and numerical model to describe U(VI) reduction by metal reducing bacteria in fractured
subsurface sediments. Their simulations lack the test of experimental data.

In this study, we develop a reactive transport model to simulate an in-situ bioreduction
experiment of U(VI) in an aquifer in Oak Ridge, TN, which is contaminated by high
concentrations of uranium and nitric acid. The model considers aquatic equilibrium chemistry of
uranium and other groundwater constituents, competitive uranium sorption and precipitation, and
kinetic microbial reduction of nitrate, sulfate and U(VI). Kinetic sorption/desorption of U(VI) is
characterized by mass transfer between stagnant micro-pores and mobile flow zones. For
transport calculation, a travel-time based approach is applied to model advective-reactive
transport. The model is implemented in the computer code PHREEQC (Parkhurst and Appelo,
1995), distributed by the U.S. Geological Survey.

2. Bioremediation experiment

The bioremediation of uranium contaminated subsurface has been tested in Area 3 of the Field
Research Center (FRC) of the Natural and Accelerated Bioremediation (NABIR) program of the
U.S. Department of Energy (DOE) at the Y-12 National Security Complex at Oak Ridge, TN, as
described elsewhere (Wu et al., 2006a,b). This site is adjacent to the former S-3 disposal ponds
and has been characterized for its geochemistry, stratigraphy and hydrogeology (Fienen et al.,
2004; Phillips et al., 2006). Groundwater at the site generally migrates in the unconsolidated
intact saprolite, which is the main pathway of the contaminant plume and target of the
biostimulation experiment. The groundwater is acidic (pH 3.4–3.9) and contains high levels of
nitrate (10 g/l) and high concentrations of a wide range of metals, including Al, Ca, Mg, Na, and
Ni. Soluble uranium is present at highly toxic levels of 20–50 mg/l. Uranium content in sediments
is up to 700 mg/kg.

Fig. 1 shows a plan view of the multiple-well system installed at the site. A four-well system,
including two injection wells: FW024 and FW104, and two extraction wells: FW026 and FW103,
was installed to create a nested inner cell, functioning as an in-situ reactor for the U(VI) bioreduction
experiment (Luo et al., 2006b;Wu et al., 2006a). Well screens are located at depth 11–14 m, the fast
flow zone with high hydraulic conductivities identified by flowmeter tests (Fienen et al., 2004).
Multilevel sampling wells (MLS) were installed in the middle of the well system.

We established a three-phase strategy to stimulate and maintain favorable anaerobic conditions
(Wu et al., 2006a). In phase I (day 9–136), the bulk nitrate and Ca were washed out by an acidic,
aluminum-free solution, because these water constituents inhibit uranium bioreduction (Abdelouas
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et al., 1998; Senko et al., 2002; Finneran et al., 2002; Brooks et al., 2003), then pHwas raised to near-
neutral conditions, which are favorable for U(VI)-reducing bacteria. In phase II (days 136–184),
ethanol was introduced into the subsurface for denitrification of the remaining nitrate and for the
stimulation ofmicrobial activity. In phase III (days 185–480 and afterwards), ethanol was introduced
intermittently for U(VI) reduction. Activemicrobial populations for denitrification, Fe(III) reduction
and sulfate reduction were stimulated in the treatment area. Removal of nitrate and reduction of
U(VI) was achieved (Wu et al., 2006a).

In this study, we focused on the MLS well and depth with the strongest response (FW101–2 in
the fast flow zone) over the time course of one remediation experiment (i.e., one period of ethanol
addition) to characterize the remediation process. More experimental results have been published
elsewhere (Wu et al., 2006b), which show similar characteristics for each ethanol injection period.
The test was performed during days 400–410. According to bacteria counts (most-probable-
number enumeration) before and after the test (days 354 and 453), the microbial populations in
FW101–2 were: 103–106 cells/ml denitrifiers, 104–105 cells/ml SRB, and 102–103 cells/ml
FeRB (Wu et al., 2006b). This indicated that, around the sampled well, sulfate reducers were
much more abundant than Fe reducers during the test period. Microbial community analysis
indicated that Desulfovibrio spp. and Geobacter spp. were predominant SRB and FeRB in both
sediment and groundwater samples. Thus, based on these evidence and indications, SRB are
considered as the primarily responsible for U(VI) reduction (Wu et al., 2006b). A K2CO3 solution
was injected to the recirculation line for 2 days prior ethanol injection in order to raise pH and
enhance bioavailability of U(VI). Subsequently, ethanol was injected at a concentration of
1.3 mM into FW104 for 48 h. After the ethanol injection stopped, the injection of K2CO3 was
maintained for 36 h. Samples were withdrawn from the injection well FW104 and the MLS well
FW101–2 to monitor pH, alkalinity, nitrate, U(VI), sulfate and COD. During the test period, the
temperature in the subsurface was 17–18 °C.

Fig. 1. Plan view of the treatment zone created by the installed multiple-well system. The black thick lines, passing through
stagnation points, delineate a nested inner cell functioning as the treatment zone, where the lines with arrows indicate flow
directions, and the grey dashed lines are the separation streamlines delineating the outer zones. FW024 and FW104 are the
injection wells, and FW026 and FW103 are extraction wells. FW100, FW101, and FW102 are MLS wells.
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3. Model development

3.1. Reactive transport equations

In our simulations, local dispersion is neglected because practically all mixing takes place
within the wells (Wu et al., 2006b). Some mixing is accounted for through the kinetics of the two-
region model. For steady-state flow fields, the advective-reactive equations for the two-region
model with equilibrium sorption are:

Bcimðt; xÞ
Bt

þ B cim
Pðt; xÞ
Bt

þ vdjcim t; xð Þ ¼ rim t; xð Þ þ km cim t; xð Þ � cim t; xð Þ� � ð1Þ

Bciimðt; xÞ
Bt

þ B ciim
Pðt; xÞ
Bt

¼ riim t; xð Þ þ kim cim t; xð Þ � ciim t; xð Þ� � ð2Þ

where cm
i and cim

i are the dissolved concentrations in the mobile and immobile domains of species

i, respectively; cim
P

and cim
P

are the sorbed concentrations in the mobile and immobile domains,
expressed as mass of sorbed compound per volume of water; λm and λim are the first-order rate
coefficients for mass transfer between the mobile and immobile domains; t is time; v is the
seepage velocity vector; x is the vector of spatial coordinates; rm

i (t,x) and rim
i (t,x) are the reaction

rates for i in the mobile and immobile domains, respectively.
Because the flow field created by the multiple-well system is nonuniform, v varies in space.

One can transform the multi-dimensional advection-reaction equation to a one-dimensional
equation by solving transport along a streamline in travel-time coordinates τ(x):

s xð Þ ¼
Z x

xin

dn
jjvnjj ð3Þ

in which ξ is the spatial coordinate along the velocity trajectory. Location x and its corresponding
travel time are related to the inflow boundary. At the injection point, xin, the travel time is zero.
Substituting Eq. (3) into Eqs. (1) and (2) yields the travel-time based advection-reaction equation for
the mobile domain (e.g., Simmons et al., 1995; Crane and Blunt, 1999; Cirpka and Kitanidis, 2000):

Bcimðt; sÞ
Bt

þ Bcimðt; sÞ
Bs

þ B cim
Pðt; sÞ
Bt

¼ rim t; sð Þ þ km ciim t; sð Þ � cim t; sð Þ� � ð4Þ

Bciimðt; sÞ
Bt

þ B ciim
Pðt; sÞ
Bt

¼ riim t; sð Þ þ kim cim t; sð Þ � ciim t; sð Þ� � ð5Þ

where each concentration is a function of time and, instead of location, travel time from the injection
boundary. The boundary condition is cm

i (t,τ=0)=cm
i (t,xin) and cim

i (t,τ=0)=cim
i (t,xin), the concentra-

tions at the injection point, which in our case are the measurements at the injection well FW104.
Biomass is assumed to be active only in the mobile domain, respiring only dissolved U(VI),

sulfate, and nitrate. Thus, rm
i includes aqueous speciation calculations, U(VI) sorption/desorption

and bioreduction, and rim
i includes the aqueous speciation calculations and the interaction with

sorption sites. Sorption is described by a principal component SCM for competitive sorption onto
ferrihydrite-like surfaces. Fractions, fm and fim=1− fm, are used to describe the sorption site
distribution in the mobile and immobile zones.
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The methodology for solving the transport problem follows the methods presented by Cirpka
and Kitanidis (2000). Fig. 2 illustrates the approach. A tracer test was implemented and used to
generate the travel-time distributions from FW104 to FW101–2 by using a parametric approach
(Luo et al., 2006a). Then, advective streamtubes with residence times τj and flow fraction pj are
introduced following the travel-time probability density function, f. Summation of the
concentration of all the streamtubes gives the flux-averaged concentration at the observation point:

cimðtÞ ¼
X
j

pjðsjÞcimðtjsjÞ ð6Þ

where

pj sj
� � ¼ fjDsP

fjDs
ð7Þ

3.2. Reaction kinetics

In the field experiment, SRB and FeRB are considered primarily responsible for U(VI)
reduction. Anaerobic metabolism in aquifers exploits a succession of terminal electron accepting
processes based on the redox potential of the electron acceptor, and generally a single terminal
electron accepting process dominates (Froelich et al., 1979; Reeburgh, 1983). In the presence of
nitrate, denitrification is dominant. When nitrate is depleted, microbial processes shift to Fe(III)
reduction and then sulfate reduction, and during both periods U(VI) is reduced to U(IV)
(Anderson and Lovley, 2002; Nyman et al., 2005). Ethanol was injected into the subsurface in this
field experiment to stimulate microbial growth and subsequent U(VI) reduction. To simplify the
model, the following assumptions are made:

(1) U(VI) reduction during the test period (days 400–410) is solely attributed to SRB because
the most probable numbers of these bacteria were by almost an order of magnitude larger
than those of FeRB (Wu et al., 2006b) and because U(VI) reduction proceeded concurrently

Fig. 2. Streamtube discretization based on travel-time pdf. Each streamtube is assigned with a mean travel time τj, and a
flow probability pj.
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with sulfate reduction in microcosms with sediment from the site (Nyman et al., 2006;
Nyman, 2006);

(2) Reduction of nitrate is assumed to be controlled by dissimilative denitrification to N2,
catalyzed by denitrifying bacteria;

(3) The energy produced from U(VI) reduction is not considered to support microbial growth
because of comparably low levels of U(VI) in groundwater (b0.8 mg/l); and

(4) The subsurface was maintained under anaerobic or anoxic conditions during the tests period
and reoxidation of U(IV) by dissolved oxygen or other oxidants is ignored.

Therefore, the proposed model includes reactions of denitrification, sulfate reduction
and U(VI) reduction as described in the following. Associated parameters are summarized in
Table 1.

3.3. Denitrification

For the growth of denitrifying bacteria, we assume that 50% of the electron equivalents in
ethanol is used for biosynthesis, fs=0.5, while the other 50% is used for energy, fe=0.5
(Rittmann and McCarty, 2001). Then, the overall reaction for denitrification due to ethanol
consumption is:

CH3CH2OH þ 1:4143NO−
3 þ 1:4143Hþ

→0:2143C5H7O2NðNÞ þ 0:6N2 þ 0:9286CO2 þ 2:9571H2O

Table 1
Kinetic parameters for bioreactions

Parameter Value References

YNO3
0.2143 molVSS/molEtOH=0.53 mgVSS/mgEtOH

YSO4
0.06 molVSS/molEtOH=0.15 mgVSS/mgEtOH

FNO3,EtOH 1.4143 molNitrate/molEtOH=1.91 mgNitrate/mgEtOH
FSO4,EtOH 1.35 molSulfate/molEtOH=2.82 mgSulfate/mgEtOH
FU(VI),EtOH 6 molU(VI)/molEtOH=31 mgU(VI)/mgEtOH
dNO3

4 molNitrate/molVSS=2.20 mgNitrate/mgVSS
dSO4

2.5 molSulfate/molVSS=2.13 mgSulfate/mgVSS
dU(VI) 10 molU(VI)/molVSS=21 mgU(VI)/mgVSS
fd 0.8 (3)
qmax,NO3

0.004 mgEtOH/mgVSS min (5)
qmax,SO4

0.0028 mgEtOH/mgVSS min (4)
KNO3

0.2 mgNitrate/l (1, 2)
KSO4

0.96 mgSulfate/l (7)
KU(VI) 119 mgU(VI) /l (6)
KEtOH,NO3

0.48 mgEtOH/l (5)
KEtOH,SO4

0.2 mgEtOH/l (4)
KEtOH,U(VI) 0.04 mgEtOH/l (6)
bN 0.05/day (5)
bS 0.05/day (5)
bU 0.05/day

(1) Almeida et al. (1997); (2) Betlach and Tiedje (1981); (3) McCarty (1975); (4) Nyman (2006); (5) Rittmann and
McCarty (2001); (6) Spear et al. (1999); (7) Wang et al. (2003).
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in which C5H7O2N is a virtual “molecule” of biomass, and the subscript (N) indicates nitrate
reducers. The net growth rate of denitrifying biomass is related to the rate of nitrate reduction
via the yield coefficient YNO3

[MxMs
−1]:

dXN

dt
¼ YNO3

qmax;NO3cEtOH
KEtOH;NO3 þ cEtOH

cNO3

KNO3 þ cNO3

XN � bNXN
cNO3

KNO3 þ cNO3

� bSXN
cSO4

KSO4 þ cSO4

KNO3

KNO3 þ cNO3

� bUXN

cTUðVIÞ
KUðVIÞ þ cTUðVIÞ

KNO3

KNO3 þ cNO3

ð8Þ

where cEtOH, cNO3
, cSO4

, cU(VI)* are the concentrations of ethanol, nitrate, sulfate and bioavailable
uranium(VI) [ML−3]; qmax,NO3

is the maximum specific rate of substrate utilization for nitrate
[MsMx

−1T−1]; KEtOH,NO3
, KNO3

, KSO4
and KU(VI) are half saturation coefficients for ethanol, nitrate,

sulfate and uranium(VI) [ML−3]; XN is the concentrations of active denitrifying bacteria [MxL
−3];

and bN, bS, bU are the cell decay rates with the electron acceptors nitrate, sulfate and uranium. The
inhibition term KNO3

/ (KNO3
+cNO3

) is used to model the transition between the successive electron
accepting processes, i.e., when nitrate concentrations drop to the value comparable to KNO3

, sulfate
and uranium(VI) become the prevailing electron acceptors for biomass decay.

Nitrate is consumed in the growth of the denitrifiers and in the decay of both denitrifiers and
SRB. The reaction for biomass decay with nitrate as an electron acceptor is:

C5H7O2Nþ 4NO−
3 þ 4Hþ→2N2 þ 3H2Oþ 4CO2 þ NHþ

4 þ HCO−
3

whereC5H7O2N includes both denitrifying and SRB. The related rate of nitrate reduction is given by:

dcNO3

dt
¼ �qmax;NO3FNO3;EtOH

cEtOH
KEtOH; NO3

þ cEtOH

cNO3

KNO3 þ cNO3

XN

� dNO3 fd bNXN þ bNXSð Þ cNO3

KNO3 þ cNO3

ð9Þ

where XS is the concentration of active SRB [MxL
−3], dNO3

is the nitrate demand for the cell decay
[MMx

−1], fd is the fraction of cells that is biodegradable, and FNO3,EtOH is the stoichiometric ratio of
nitrate to ethanol utilization for biomass synthesis [MMs

−1].

3.4. Sulfate reduction

For SRB, we assume that 10% of the electron equivalents in ethanol is used for synthesis,
fs=0.1, while the other 90% is used for energy, fe=0.9 (Rittmann and McCarty, 2001). Assuming
that ethanol is completely degraded to CO2 by sulfate reducers, the overall reaction for sulfate
reduction due to ethanol oxidation is:

CH3CH2OH þ 1:35SO2−
4 þ 0:06NHþ

4 þ 2:025Hþ þ 0:06HCO−
3

→0:6C5H7O2NðSÞ þ 0:675H2Sþ 0:675HS− þ 1:76CO2 þ 2:94H2O

where the subscript (S) indicates SRB. The net rate of growth of SRB is related to the rate of
sulfate consumption by:

dXs

dt
¼ YSO4

qmax;SO4
cEtOH

KEtOH;S þ cEtOH

cSO4

KSO4 þ cSO4

KNO3

KNO3 þ cNO3

XS � bNXS
cNO3

KNO3 þ cNO3

� bSXS
cSO4

KSO4 þ cSO4

KNO3

KNO3 þ cNO3

� bUXS

c⁎UðVIÞ
KUðVIÞ þ c⁎UðVIÞ

KNO3

KNO3 þ cNO3

ð10Þ

136 J. Luo et al. / Journal of Contaminant Hydrology 92 (2007) 129–148



Aut
ho

r's
   

pe
rs

on
al

   
co

py

where YSO4
is the yield coefficient for sulfate-reducing bacteria [MxMs

−1] and qmax,SO4
is the

maximum specific rate of substrate utilization for sulfate [MsMx
−1T−1]. Like in biomass decay, the

term KNO3
/ (KNO3

+cNO3
) expresses the inhibition of sulfate reduction in the presence of nitrate.

Sulfate is also consumed in the decay of both denitrifiers and SRB in the absence of nitrate. The
reaction of biomass decay with sulfate as an electron acceptor is:

C5H7O2Nþ 2:5SO2−
4 þ 2:75H2O→0:25CO2 þ NHþ

4 þ 4:75HCO−
3 þ 1:25H2S

þ 1:25HS−

The rate of sulfate reduction thus is:

dcSO4

dt
¼ �qmax;SO4

FSO4;EtOHXS
cEtOH

KEtOH;NO3
þ cEtOH

cSO4

KSO4 þ cSO4

KNO3

KNO3 þ cNO3

� dSO4 fd bSXN þ bSXSð Þ cSO4

KSO4 þ cSO4

KNO3

KNO3 þ cNO3

ð11Þ

where dSO4
is the sulfate demand for cell decay [MMx

−1], and FSO4,EtOH is the stoichiometric ratio
of sulfate to ethanol utilization for biomass synthesis [MMs

−1].

3.5. Uranium reduction

Uranyl–carbonate complexes are the primary bioavailable compounds in aqueous solution.
The U(VI) reduction due to ethanol consumption can be written as (Abdelouas et al., 2000):

UO2ðCO3Þ2−2 þ 0:167CH3CH2OHþ 0:5H2O→UO2↓þ 2HCO−
3 þ 0:33CO2

Based on experiments with source-zone sediment and artificial groundwater, sulfate-reducing
bacteria are likely to be responsible for microbial U(VI) reduction at the site (Nyman et al., 2005).
The equation for biomass decay with uranium-carbonate complexes as an electron acceptor is:

C5H7O2NðSÞ þ 9H2Oþ 10UO2ðCO3Þ2−2 →4CO2 þ NHþ
4 þ 21HCO−

3 þ 10UO2↓

As U(VI) is assumed to be respired concurrently by SRB, U(VI) reduction kinetics is expected
to follow saturation kinetics with respect to the biomass concentration of SRB:

dc⁎UðVIÞ
dt

¼ �qmax;UðVIÞÞXS

c⁎UðVIÞ
KUðVIÞ þ c⁎UðVIÞ

cEtOH
KEtOH;UðVIÞ þ cEtOH

KNO3

KNO3 þ cNO3

� dUðVIÞ fd bUXN þ bUXSð Þ
c⁎UðVIÞ

KUðVIÞ þ c⁎UðVIÞ

KNO3

KNO3 þ cNO3

ð12Þ

where qmax,U(VI) is the maximum effective rate for uranium reduction [MM−1
xT

−1], dU(VI) is the
uranium demand for the cell decay [MMx

−1]. Eq. (12) assumes the bioavailable U(VI) can be
reduced by biomass decay of both denitrifiers and sulfate-reducing bacteria (Wu et al., 2005).

3.6. Ethanol consumption

Ethanol serves as the electron donor for denitrification, sulfate reduction, and U(VI) reduction.
In this model, ethanol is assumed to be completely degraded and the production and consumption
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of intermediates such as acetate are not considered in the model. Then, the reactive source/sink
term for ethanol is given by:

dcEtOH
dt

¼ �qmax;NO3
XN

cEtOH
KEtOH;NO3 þ cEtOH

cNO3

KNO3 þ cNO3

� qmax;SO4
XS

cEtOH
KEtOH;SO4 þ cEtOH

cSO4

KSO4 þ cSO4

KNO3

KNO3 þ cNO3

� qmax;UðVIÞXS
cEtOH

KEtOH;UðVÞ þ cEtOH

c⁎UðVIÞ
KUðVIÞ þ c⁎UðVIÞ

KNO3

KNO3 þ cNO3

ð13Þ

3.7. Parameters

Table 1 summarizes the parameters used in the bioreactive models. Most of them are taken
from the literature, or are a result of the stoichiometry of the reactions, where mass balance has
been obeyed for all elements. The kinetic parameters for sulfate reduction are determined by
laboratory experiments. The effective value of qmax,U(VI) is uncertain and is estimated by fitting
the in-situ experiment. bU is assumed to be equivalent to bN and bS.

3.8. Uranium(VI) aqueous and surface chemistry

Our database for aqueous U(VI) speciation includes the compilation of Grenthe et al. (1992),
amended by the calcium–uranyl–carbonate complexes (Bernhard et al., 1996; Kalmykov and
Choppin, 2000; Bernhard et al., 2001), in which U(VI) is considered less bioavailable (Brooks
et al., 2003):

UO2þ
2 þ 2Ca2þ þ 3CO2−

3 ⇔Ca2UO2ðCO3Þ3 logK ¼ 30:55

UO2þ
2 þ Ca2þ þ 3CO2−

3 ⇔CaUO2ðCO3Þ2−3 logK ¼ 25:4

Aqueous speciation of all elements other than U is based on the Wateq4f database (Ball and
Nordstrom, 1991).

We have implemented a principal-component surface complexation model to describe U(VI)
interaction with the saprolite matrix over a range of pH and concentrations of competing ions.
Studying sorption of U(VI) onto uncontaminated saprolite at the site, Barnett et al. (2002)
demonstrated that U(VI) uptake is dominated by sorption to Fe(III) oxyhydroxide phases in this
matrix and that its extent can be described in first approximation by applying a surface
complexation model developed independently by Waite et al. (1994) for U(VI) adsorption onto
ferrihydrite. Following their approach, we assume all dithionite–citrate–bicarbonate extractable
Fe (23.1 g/kg saprolite) to be present as active sorbent phases resembling ferrihydrite-like surface
properties. To describe competitive ion sorption, we implemented the diffuse double layer surface
complexation model using the database compiled by Dzombak and Morel (1990), who adopted
0.2 mol weak and 0.005 mol strong sorption sites per mol Fe, pKa1=7.29, pKa2=−8.93, and a
surface area of 600 m2/g of ferrihydrite. The major surface reactions and input parameters
included in our model are summarized in Table 2, which are those deemed most important.
Formation constants of surface carbonate complexes are from Appelo et al. (2002). For U(VI)
sorption we implemented the bidentate uranyl and ternary uranyl–carbonate surface complexes
proposed by Waite et al. (1994) based on EXAFS spectroscopy, but refitted their formation
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constants to be consistent with the ferrihydrite parameters of Dzombak and Morel (1990) and our
thermodynamic database. We fitted all nf =4 U(VI) surface complexes simultaneously to the
nd=128 recorded data points of Waite et al. (1994) for uranyl sorption at various pH, U(VI)/
ferrihydrite ratios, partial CO2 pressure, and ionic strength. nf is the number of fitted parameters
and nd the number of measured data points. Fitting was conducted using PHREEQC (Parkhurst
and Appelo, 1995) nested into an iterative MATLAB routine minimizing the root mean square
error (RMSE) according to:

RMSE ¼ 1
nd � nf

Xnd
i¼1

cmðpHiÞ � ccalcðpHiÞ
ctot

� �2
" #0:5

ð14Þ

where cm and ccalc are the measured and calculated aqueous U(VI) concentrations, respectively, at
the i-th measured pH value under system equilibrium, and ctot is the total U(VI) concentration in
the experiment. The obtained formation constants given in Table 2 resulted in a good fit
(RMSE=8.6%), but for the highest U(VI) to Fe molar ratio of 0.1. At such high U(VI) loading
possibly surface precipitation occurs in addition to surface complexation. During the
biostimulation experiment such ratios are not expected. Payne et al. (1996) and Cheng et al.
(2004) presented evidence for the formation of ternary uranyl-phosphate surface complexes. As
they seem to form mainly under acidic conditions, shifting the lower sorption edge to lower pH,
we have not yet included them in our model.

The fractions of sorption sites in the mobile and immobile domains, fm and fim, are fitting
parameters to the specific field site conditions. Kinetic sorption/desorption is controlled by mass
transfer between the mobile and immobile domains. This approach is similar to the strategy used
by Roden and Scheibe (2005).

4. Results and discussion

4.1. Overall performance

Fig. 3 shows measured concentrations at the injection well FW104 and at the observation point
FW101–2, as well as simulated concentrations at FW101–2. Themeasurements at the injection well
FW104 are considered as input functions. Initial concentrations are assumed uniformly distributed
over the domain with values of the initial measurements at FW101–2. We simulate three phases of

Table 2
Surface reactions and log equilibrium constants for surface complexation of uranium onto ferric iron (hydr)oxide

Surface reactions Log K References

Uranyl and uranyl–carbonate surface complexes
2≡FewOH+UO2

2+⇔ (≡FewO)2UO2+2H
+ -4.80 Fitted

2≡FesOH+UO2
2+⇔(≡FesO)2UO2+2H

+ -2.58 Fitted
2≡FewOH+UO2

2++CO3
2−⇔(≡FewO)2UO2CO3

2−+2H+ -3.49 Fitted
2≡FesOH+UO2

2++CO3
2−⇔(≡FesO)2UO2CO3

2−+2H+ 3.94 Fitted

Other surface complexation reactions
≡Fes,wOH+H+⇔≡Fes,wOH2

+ 7.29 Dzombak and Morel (1990)
≡Fes,wOH⇔≡Fes,wO−+H+ -8.93 Dzombak and Morel (1990)
≡FewOH+CO3

2−+H+⇔≡FewOCO2
−+H2O 12.78 Appelo et al. (2002)

≡FewOH+CO3
2−+2H+⇔≡FewOCO2H+H2O 20.37 Appelo et al. (2002)
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the experiment: in phase 1, K2CO3 was injected to increase pH; in phase 2, ethanol was injected to
stimulate biomass growth; and phase 3 was after termination of ethanol injection. During the
experiment, all water extracted from the extraction well FW026 was reinjected in FW104. The
measurements from injection well FW104 were taken in the well, thus dilution within the well need
not to be considered in the model. Parameters estimated by fitting the model include: the effective
value of maximum specific rate of U(VI) reduction, qmax,U(VI)=1 mMU(VI) /mgSRB-day, and the
fractions of sorption sites in the mobile and immobile domains, fm=0.013 and fim=0.987. The
physical interpretation of these parameters will be discussed in the following sections. Fig. 3 shows
that the proposed model performs satisfactory in reproducing the trends of the major components in
this reactive system although significant simplifications for the hydrogeochemical conditions have
been assumed. The overall RMSE evaluated by Eq. (14) is 4.1%.

4.2. Inhibition by nitrate

The concentration profiles of nitrate, sulfate and U(VI) in Fig. 3 indicate the succession of
terminal electron-accepting processes during the experiment. Although most nitrate was removed
by preconditioning the aquifer and biological denitrification for more than 200 days (Wu et al.,
2006a), nitrate concentrations, at the start of this biostimulation experiment, were still at levels
that could negatively impact the reduction of sulfate and U(VI) due to release of trapped nitrate
from the soil matrix and infiltration of nitrate from outside the inner recirculation loop. For the fast

Fig. 3. Model simulation and measurements at FW101–2. Concentrations measured at FW104 are input functions, and
those at FW101–2 are response functions. The grey dashed lines delineate the phase II of ethanol injection.

140 J. Luo et al. / Journal of Contaminant Hydrology 92 (2007) 129–148



Aut
ho

r's
   

pe
rs

on
al

   
co

py

flow zone, we assume that the time needed to remove all nitrate could be over 1 year without in-
situ denitrification (Luo et al., 2005). Operational results indicated that nitrate remains at
significant concentrations (2–10 mM) in the slow-flow area and may re-enter the treatment zone
by recirculation. Due to ethanol amendment in phase II, nitrate was consumed quickly by
denitrification in the mobile domain. Ethanol therefore first stimulated the growth of denitrifying
biomass. The growth of SRB was stimulated after the completion of denitrification, as evidenced
by a decrease in sulfate concentration. Together with sulfate, U(VI) was reduced. Phase III further
demonstrated the succession of terminal electron-accepting processes. After terminating the
ethanol injection, sulfate and U(VI) concentrations increased immediately due to injection of
recirculated groundwater, desorption and mass transfer from stagnant pores. Contrarily, nitrate
concentration had a time lag for rebounding because biomass decay of denitrifiers and SRB
utilized nitrate as electron acceptor. During this time lag, pH and bicarbonate concentration were
almost constant. We conclude that experimental design must consider the consumption of electron
donors by denitrification in the experimental design.

In the proposed reactive transport model, we account for the inhibition of sulfate and U(VI)
reduction by nitrate with the inhibition term KNO3

/ (KNO3
+cNO3

). This approach approximates the
general competitive inhibition model (Rittmann and McCarty, 2001)

cEtOH

KEtOH;NO3
1þ cNO3

Ki;NO3

� 	
þ cEtOH

ð15Þ

using

cEtOH
KEtOH;SO4

þ cEtOH

KNO3

KNO3 þ cNO3

ð16Þ

Eq. (15) needs one more unknown parameter, Ki,NO3
, than Eq. (16). However, the exact

value of Ki,NO3
is not significant in our simulation because the concentration profiles show that

sulfate and U(VI) reduction requires almost complete removal of nitrate, indicating a small
value of Ki,NO3

. Thus, the proposed model, Eq. (16), can characterize the inhibition effects over
a large range of nitrate concentrations. When nitrate concentration drops to low levels, the two
models may differ. However, the influences are not significant for this field-scale simulation,
especially as our case is not electron-donor limiting during the biostimulation.

4.3. U(VI) sorption/desorption

As a result of aquifer conditioning, the aqueous U(VI) concentrations decreased from about
50 mg/l to 0.5 mg/l. Most of U(VI) sorbed onto the aquifer solids or resided in the immobile
domains, which cannot be reached easily by acidic flushing. Thus, during the experiment,
sorption/desorption mechanisms determine the bioavailability of U(VI). The fitted sorption site
fractions, fm=0.013 and fim=0.987, indicate that almost all sorption sites are associated with the
immobile domain. This result may be in part an artifact caused by the model's description of
transport and sorption kinetics. The surface complexation model implemented in PHREEQC
assumes local sorption equilibrium in both the mobile and immobile domains, while the exchange
of U(VI) between the immobile and mobile domains is controlled by kinetic mass transfer. Thus,
the fitted fraction values may partly represent sorption site distribution and partly account for the
effects of kinetic sorption/desorption of U(VI). In this simulation, the mass transfer coefficients,
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λm and λim, are assumed to be 5×10−5/s, a mean value determined by column and field tracer
studies (Luo et al., 2005). Therefore, the half-life of the time scale for kinetic sorption/desorption
assumed in this model is about 4 h.

The model simulation confirms that it may not be valid to use a simple empirical isotherm,
such as a linear partitioning coefficient, for the description of U(VI) sorption/desorption during
U(VI) bioreduction. pH and bicarbonate concentration, known as two major factors controlling
U(VI) sorption/desorption mechanisms (Waite et al., 1994; Wazne et al., 2003), vary over the
course of the experiment. In phase I, with the increase of bicarbonate concentration, U(VI)
desorbed from the solid phase, resulting in the increase of aqueous U(VI) concentrations in the
mobile domain. In phase II, denitrification and sulfate reduction produced additional
bicarbonate, which may have caused continuing desorption of U(VI). However, in this phase,
the rate of bioreduction was presumably larger than that of desorption, so that concentrations of
U(VI) decreased. In the initial time of phase III (day 4–day 5), when pH and bicarbonate
concentration were almost constant, U(VI) concentrations increased because of kinetic
desorption and inhibited reduction. Later in phase III, when pH and bicarbonate concentration
decreased, U(VI) concentrations decreased because of less desorption from the solids. Over time
in this biostimulation experiment, U(VI) sorption/desorption changed with pH and bicarbonate
concentrations. Thus, a constant isotherm cannot adequately characterize this mechanism.

4.4. U(VI) reduction

U(VI) reduction accompanied sulfate reduction via mainly enzymatic reduction. The fitted
effective reduction rate is qmax,U(VI) =1 mMU(VI)/mgSRB-day, which is much smaller than
reported for laboratory experiments. Spear et al. (1999) determined the U(VI) reduction rates

Fig. 4. Concentrations and fractions of aqueous U(VI) species with the consideration of calcium–uranyl–carbonate
complexes.
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43.2 mMU(VI)/mgSRB-day for Desulfovibrio desulfuricans and 31.7 mMU(VI)/mgSRB-day for
mixed culture of SRB under non-growth conditions. Our results indicate dramatic differences
between field-scale experiments and well-controlled laboratory experiments, reflecting the effects
of complicated field conditions. Because oxidation of reduced uranium is not considered in the
reaction kinetics, the effective value represents the net rate of U(VI) reduction. U(VI) reduction is
not only controlled by electron donor and sulfate concentrations and bioreduction rate, but also by
the bioavailability of U(VI), that is, by the kinetics of mass transfer of U(VI) between the mobile
and immobile domains.

Fig. 4 showsthesimulatedconcentrationandfractionprofilesofaqueousU(VI)species.InphaseI,
allU(VI) speciesconcentrations increaseddue toU(VI)desorption.Thedominant aqueousspecies is
the calcium–uranyl–carbonate complex, Ca2UO2(CO3)3. With U(VI) desorption, its fraction kept
increasingbecauseofitshighstability.Asalreadymentioned,calcium–uranyl–carbonatecomplexes
are practically unavailable for bioreduction thermodynamically (Brooks et al., 2003). Although its
concentration decreased in phase II, its fraction slowly increased due to chemical equilibrium.
According to our simulations, themajor bioavailable species isUO2(CO3)2

2−. In phase III, all species
fractions recovered with decreases of pH and bicarbonate concentrations. Fig. 5 shows the species
concentrations for a simulation neglecting the calcium–uranium–carbonate complexes using
otherwise identicalparameters.Themodelpredicts that solubleU(VI)wouldhavedecreased tomuch
lower levelsasaresultofbiostimulation.Thiscomparisonindicatesthat thehighstabilityofcalcium–

Fig. 5. Species concentrations for the simulation without calcium–uranyl–carbonate complexes.

Fig. 6. Comparison of total U(VI) concentrations at FW101–2 for the U(VI) reduction case and no-reduction case.

143J. Luo et al. / Journal of Contaminant Hydrology 92 (2007) 129–148



Aut
ho

r's
   

pe
rs

on
al

   
co

py

uranyl–carbonate complexes significantly influences the effective bioreduction of U(VI). We
conclude that strategies are needed to decrease calcium concentrations in the design of uranium
bioremediation.

Fig. 6 compares the simulation with and without U(VI) reduction, i.e., qmax,U(VI) =0.
Significant reduction can be observed during the ethanol injection phase II. In phase I, U(VI)
concentrations of both cases are larger than the input U(VI) at the injection well FW104, indicating
that the produced bicarbonate concentrations mobilized the sorbed U(VI). Thus, pH, bicarbonate,
and calcium concentrations are the important factors controlling the bioavailability of U(VI).

5. Conclusions

Modeling in-situ U(VI) bioreduction requires the consideration of uranium aqueous
chemistry, uranium sorption/desorption, and bioreactive kinetics. In the presence of nitrate, the
succession of terminal electron-accepting processes needs to be accounted for. We present a
model including an inhibition term KNO3

/ (KNO3
+cNO3

) to quantify the inhibitory effects of
nitrate on sulfate and U(VI) reduction. This approach avoids the determination of the unknown
inhibition parameter and characterizes the field data well. However, for small-scale problems,
more accurate models may be needed, especially for characterizing at which values the electron-
accepting processes switch from one to the other. The reduction rate of U(VI) is not only controlled
by the injection of electron donor, but also significantly influenced by the sorption/desorption
rates, which are mainly controlled by the levels of pH and bicarbonate concentration. Since pH and
bicarbonate concentrations vary over the course of the experiment, models assuming simple
sorption/desorption isotherms may not adequately characterize these mechanisms. Surface
complexationmodels aremore effective to describe the U(VI) sorption/desorption by including the
calculations of aqueous speciation and surface complexes. In PHREEQC, surface complexation is
implemented as equilibrium process, thus lacking sorption kinetics. We have circumvented this
shortcoming by using a mobile–immobile transport model, fitting the sorption site distributions to
represent the kinetic processes. The model results indicate significant kinetic effects of U(VI)
sorption/desorption. Calcium–uranyl–carbonate complexes are very important for modeling the
aqueous equilibrium state and determining the bioavailabe U(VI) concentrations. Although the
role of FeRB in U(VI) cannot be ruled out, we do not include it in our current model because of its
relatively low population observed inMLSwell FW101–2. Extending our model to multiple types
of biomass would be straightforward.

Models for in-situ U(VI) bioreduction involve many uncertain parameters, including those of
aqueous U(VI) speciation, surface complexation and bioreaction kinetics. Thus, for efficient
applications, sensitivity analysis is needed to simplify the models, such as presented by Wang
et al. (2003). Thorough characterization of the hydrological and geochemical conditions will also
help improve the model performance. For this site, we had a long period of preconditioning
operations (Wu et al., 2006a), and within the bioremediation experiment, uncontrolled and
unexpected factors disturbed the long-term experiment. Thus, it is difficult to use a detailed and
all-encompassing model to simulate the whole period of experiments. As shown by Wu et al.
(2006b), the behavior of measured breakthrough curves shows periodic characteristics with the
overall U(VI) exhibiting a decreasing trend. Thus, we select one period with good measurements
to test the model. Although significant assumptions are made, the model characterized the
measured data well. Furthermore, re-oxidation of immobilized uranium needs to be included in
future models to evaluate the long-term success of bioreduction techniques (Abdelouas et al.,
1999; Finneran et al., 2002).
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